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Abstract Present work evaluated the effects on activated-sludge reactor functions of a 3-chloroaniline (3-CA)
pulse and bioaugmentation by inoculation with the 3-CA-degrading strain Pseudomonas stuzeri. Changes in
functions such as nitrification, carbon removal, and sludge compaction were studied in relation to the sludge
community structure, in particular the nitrifying populations. Denaturing gradient gel electrophoresis (DGGE), realtime PCR, and fluorescent in situ hybridization (FISH) were used to characterize and enumerate the ammoniaoxidizing microbial community immediately after a 3-CA shock load. Two days after the 3-CA shock, ammonium
accumulated, and the nitrification activity did not recover over a 12-day period in the non bioaugmented reactors. In
contrast, nitrification in the bioaugmented reactor started to recover on day 4. The DGGE patterns and the FISH and
real-time PCR data showed that the ammonia-oxidizing microbial community of the bioaugmented reactor
recovered in structure, activity, and abundance, while the number of ribosomes of the ammonia oxidizers in the
nonbioaugmented reactor decreased drastically and the community composition changed and did not recover. The
settle ability of the activated sludge was negatively influenced by the 3-CA addition, with the sludge volume index
increasing by a factor of 2.3. Two days after the 3-CA shock in the non bioaugmented reactor, chemical oxygen
demand (COD) removal efficiency decreased by 36% but recovered fully by day 4. In contrast, in the bioaugmented
reactor, no decrease of the COD removal efficiency was observed. This study demonstrates that bioaugmentation of
wastewater reactors to accelerate the degradation of toxic chlorinated organic such as 3-CA protected the nitrifying
bacterial community, thereby allowing faster recovery from toxic shocks.
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1. Introduction
Nowadays, biological wastewater treatment plants
(WWTPs) are the most common biotechnological
application in the world [1]. From the various alternatives
of biological treatment systems that exist, conventional
activated sludge (CAS) bioreactors are by far the most
commonly used secondary treatment technology [2].
Despite of periodic improvements to the technology since
its invention almost a century ago [2] and its ubiquitous
global application, little is known about the underlying
factors controlling the complex dynamics of the microbial
populations interacting in the bioreactors and how those
dynamic interactions affect the system’s functional
stability [3]. Until recently, a major obstacle was that the
science behind most of those technology improvements
was almost entirely empirical rather than theoretical [2,4].
Major changes to the design of CAS systems were done
predominantly from an engineering perspective, greatly
underestimating the importance of microbial communities
as an integral component of these biological treatment

systems [2,5]. Thus, many essential aspects regarding the
ecology and dynamics of microbial communities within
these systems, necessary for a rational improvement of
their design and operation, remain unresolved [5]. Recent
efforts have focused on improving the treatment process
from a bio-ecological perspective, but so far few studies
have been able to establish a clear link between the
structure and function of microbial communities and the
design and operation of the bioreactors [6]. Most of these
efforts have failed due to limiting methodology issues.
One of these issues is the modeling of full scale WWTP
bioreactors based on studies of lab-scale and pilot scale
bioreactors [6,8]. These studies have often been
misleading and far from mimicking the real conditions
observed in full-scale bioreactors, creating a big gap
between their theoretical and their practical contributions
[9,10]. Another issue is that many studies had focused on
analyzing single bioreactors [11,12], neglecting from their
analysis the effect that niche-specific factors may play in
the structure and function of microbial communities
[4,13,14]. The most notorious, and therefore highly
scrutinized, of these issues is culture- and traditionalmicroscopy-based studies. These studies, aimed to
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elucidate the diversity of microbes in WWTPs
[15,16,17,18], proved to be unreliable, irreproducible and
created erroneous perceptions of the dominant populations
in the bioreactors [19,20,21,22]. They also failed to
consider operational and geographical factors on the
composition of the communities [23,24,25,26]. With the
development and application of modern culture
independent molecular techniques in ecological studies of
wastewater treatment systems [20,27,28,29], the capacity
of researchers to understand the true dynamics of
microbial communities in these ecosystems has greatly
been improved [10]. However, de los Reyes [30] explains
that advanced molecular studies of microbial communities
in WWTPs have led to the emergence of a microbial
community ‘‘structure-function’’ paradigm that has not
yet been fully clarified. Linking changes in system design
and operation with the ecological factors controlling
community assembly in the bioreactors will be critical in
fully clarifying this ‘‘structure function’’ paradigm and
resolving important operational issues, such as: sludge
bulking (e.g. [31]), poor biochemical removal (e.g. [32]),
and system instability (e.g. [33,34]); ultimately resulting
in more stable and predictable systems [4]. Moreover, the
study of CAS systems could provide, in turn, a research
platform for developing and validating ecological
principles that could be used to predict the behavior of
microbial communities in other engineered and natural
ecosystems [35,36,37]. In this study, another molecular
biology technique, the amplified ribosomal DNA
restriction analysis (ARDRA), is applied to activated
sludge samples. Even faster than hybridization and
probing, ARDRA has been used in the analysis of mixed
bacterial populations from different environments
[38,39,40]. The aim of this work was to evaluate the shortterm effects of a 3-CA shock load and bioaugmentation
with 3-CA-degrading inoculants on reactor functions such
as nitrification, carbon removal, and sludge compaction.
Denaturing gradient gel electrophoresis (DGGE), FISH,
and real-time PCR were used to examine the changes in
the structure, abundance, and activity of the nitrifying
community.

analyze sludge volume (SV), 1 liter of the mixed liquor
was allowed to settle for 30 min in an Imhoff cone [42].
The sludge volume index (SVI) was calculated by
dividing the SV by the suspended solids (SS) [42]. All
reactors were operated for 6 days before the experiment in
order to allow the reactors to stabilize. On day 0, reactors
1 (n = 2) continued to receive only milk powder and were
control reactors. In addition to the milk powder, reactors 2
(n = 2) and 3 (n = 2) both received on day 0 a shock load
of 300 mg of 3-CA resulting in a final concentration of
250 mg liter-1 in the reactor mixed liquor. The
bioaugmentation experiment was performed in reactors 3,
in which Pseudomonas stutzeri was inoculated. This strain,
which has been chromosomally marked with amp (the
gene encoding green fluorescent protein), mineralizes 3CA, fluoresces green under UV light and is rifampin (100
µg/ml) as well as kanamycin (50 µg/ml) resistant [41,42].
Luria broth (LB) agar supplemented with rifampin (100
mg liter-1) and kanamycin (50 mg liter-1) was used to
count Pseudomonas stuzeri amp [41]. The Pseudomonas
stuzeri amp inoculum was grown overnight at 28°C in 5
ml of LB medium (1 liter contains 5 g of NaCl, 10 g of
tryptone, and 5 g of yeast extract) containing 100 mg of 3CA liter-1. Subsequently, 5-ml cultures were used to
inoculate 200 ml of LB medium plus 3-CA (100 mg liter1
). After overnight incubation at 28°C in a shaker (140
rpm; New Brunswick Scientific), the cultures were
centrifuged (1 min at 5,000 x g), washed twice with saline
(0.85% NaCl), and finally resuspended in saline. Reactors
3 were inoculated with Pseudomonas stuzeri amp to a
final concentration of (5.4 ± 0.37) x 108 cells/ml.

2. Materials and methods

2.3. Analytical methods

2.1. Semi
reactors.

Continuous

Activated

Sludge

The experiments were conducted with sludge freshly
collected from industrial effluent wastewater treatment
plant by using a modified Semi Continuous Activated
Sludge procedure [41]. In brief, every 2 days, 200 ml of
the mixed liquor was removed from the reactors (in 2-liter
plastic Erlenmeyer flasks with an active volume of 1.0
liters) and 1.0 liter was allowed to settle for 30 min in an
Imhoff cone, of which the upper 400 ml of the effluent
was removed for analysis. The remaining settled sludge
was poured back into the respective reactor, together with
600 ml of synthetic influent volumetric loading rate of 1 g
of chemical oxygen demand [COD] liter-1 day-1; COD/N/P
ratio of 100:6:1) to bring the active reactor volume back to
1.2 liters. The SCAS reactors operated with a hydraulic
retention time of 4 days and a sludge retention time of 12
days and contained 4 g of suspended solids liter-1. To

2.2. Sampling
Every 2 days, a sample was taken for high-performance
liquid chromatography (HPLC) analysis, for DNA and
RNA extraction, for FISH analysis, for plate counts of s
Pseudomonas stuzeri amp, and for determination of the SS
and SVI [42]. For DNA and RNA isolation, aliquots of the
samples were immediately frozen at _20 and _80°C,
respectively. For FISH, a subsample of activated sludge
was fixed overnight with 4% paraformaldehyde [43].

The effluent was analyzed for 3-CA content by reversed
phase HPLC after centrifugation at 5,000 x g for 10 min.
The Summit HPLC system (Dionex, Wommelgem,
Belgium) consisted of a Dionex pump series P580, a
Dionex autosampler model ASI-100 (injection volume, 20
µl), an STH585 column oven (at 28°C), a Dionex UV/VIS
UVD 340S detector, and Chromeleon software system
version 6.10. A Hypersil Green Env column (150 by 8
mm [inner diameter]; 5-µm particle size] was used. The
mobile phase consisted of CH3OH–0.1% H3PO4 (ratio,
70:30), with a flow rate of 0.8 ml/min. The UV detector
was used at 210 nm. The effluent was analyzed for nitrite,
nitrate, and ammonium content by ion chromatography
after centrifugation at 5,000 x g for 10 min and filtration
through a 0.45-µm-pore-size filter. The DX-600 system
(Dionex) consisted of a Dionex pump series GP50, a
Dionex autosampler model AS50 (injection volume, 100
µl), a Dionex ED50 electrochemical detector, and PeakNet
6 software system version 6.10. Ionpac AS9-HC (250 by 4
mm [inner diameter]; 9-µm particle size [Dionex]) column
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and Ionpac CS12-HC (250 by 4 mm [inner diameter]; 8µm particle size [Dionex]) were used for anion and cation
separation, respectively. The mobile phase consisted of
Na2CO3 (9 mM) and methane sulfonic acid (20 mM) for
anion and cation analysis respectively, with a flow rate of
1 ml/min. The residual COD and SVI of the effluent were
determined by standard methods (24).

2.4. DNA and
Activated Sludge

RNA

Extraction

from

Total DNA extraction from the sludge samples and
PCR conditions were based on the protocols described
previously [41]. The total RNA extraction protocol was
adapted from those of Griffiths et al. [44] and Kowalchuk
et al. [45]. Briefly, in a 2-ml Eppendorf tube, 0.5 g of
RNase-free 0.1-mm-diameter zirconia/silica beads, 0.5 ml
of activated sludge, 0.5 ml of CTAB buffer (5% [wt/vol]
hexadecyl trimethylammonium bromide, 0.35 M NaCl,
120 mM potassium phosphate buffer [pH 8.0]), and 0.5 ml
of phenol-chloroformisoamyl alcohol mixture (25:24:1)
were homogenized three times for 30 s each at 5,000 rpm
in a Bead beater with 10 s between shakings. Eppendorf
tubes were spun centrifuged (5 min at 3,000 x g), and 300
µl of the supernatant was transferred to an RNase-free
Eppendorf tube. Another 500 µl of CTAB buffer was
added to the sludge suspension and homogenized again
three times for 30 s each at 5,000 rpm in the Bead beater
with 10 s between shakings. Then 300 µl of the
supernatant was added to the 300 µl taken from the first
extraction, for a total of 600 µl. The phenol was removed
by mixing with an equal volume of chloroform-isoamyl
alcohol (24:1), inverting the tube, and centrifuging for 10
s. The upper, aqueous phase was transferred to a new
Eppendorf tube, and nucleic acids were precipitated with 2
volumes of 30% (wt/vol) polyethylene glycol 6000–1.6 M
NaCl for 2 h at room temperature. The Eppendorf tube
was then centrifuged at 18,000 x g in a refrigerated
centrifuge at 4 °C for 10 min. The nucleic acid pellet was
subsequently washed in ice-cold 70% (vol/vol) ethanol
and dried under vacuum for 10 min before being
resuspended in 100 µL of RNase-free water. To obtain
Primer or probe
Primers
P338F
P518r
CTO189AB
CTO189C
CTO653r
GC-clamp
Probes
NSO 190
EUB338
EUB338 II
EUB338 III

pure RNA a RQ1 RNase-Free DNase treatment was
performed as specified by the manufacturer (Promega,
Madison, Wis.). The average RNA yield was 3.4 ng ml of
activated sludge-1.

2.5. RT-PCR and PCR
The RNA was reverse transcribed to cDNA by using
the Moloney murine leukemia virus (M-MLV) reverse
transcriptase kit (Promega). Briefly, for each sample, 1 µl
of each 10 mM deoxy nucleoside triphosphate solution, 1
µl of random hexamer primers (Sigma), 1 µl of extracted
RNA, and 7 µl of DNase- and RNase-free filter-sterile
water (Sigma) were mixed, incubated at 70°C for 10 min,
and placed on ice. To each sample, a mixture was added
containing 4 µl of 5x first-strand buffer (Promega), 2 µl of
0.1 Mdithiothreitol (Promega), 1 µl of M-MLV reverse
transcriptase (Promega), 0.5 µl of RNase inhibitor (Sigma),
and 2.5 µl of DNase and RNase-free filter-sterile water
(Sigma). The sample, containing a final vol-ume of 20 µl,
was incubated subsequently at 25°C for 10 min, 37°C for
3 h, and 94°C for 10 min. The cDNA was stored at 4°C
(short-term storage) or _20°C (long-term storage). A 1-µl
volume of the DNA or cDNA was amplified as previously
described [46]. A list of the primers used in this study is
given in Table 1. In brief, the 16S rRNA or rDNA for all
members of the Bacteria were amplified by PCR using the
forward primer P338F and the reverse primer P518r, and a
GC-clamp of 40 bp was added to the forward primer. To
amplify the 16S rDNA of the AOB, which belong to the
β-Proteobacteria, a nested PCR approach was used. In the
first PCR round, the forward primers were CTO189fAB
and CTO189fC and the reverse primer was CTO653r, and
in the second PCR round, primers P338F and P518r were
used. After the first PCR round, a clearly visible band was
present (the first PCR product was at least 0.3% of the
total extracted DNA or cDNA), which suggested that no
nonspecific amplification was expected in the second
round [46]. For more information about the specificity of
the probes and primers listed in Table 1, see references 40
and 50.

Table 1. Sequences of the primers and probes used in this study
Target
Sequence (5’→ 3’)

Reference

Bacteria
Universal
β-Proteobacteria ammonia oxidizers
β-Proteobacteria ammonia oxidizers
β>-Proteobacteria ammonia oxidizers

ACTCCTACGGGAGGCAGCAG
ATTACCGCGGCTGCTGG
GGAGRAAAGCAGGGGATCG
GGAGGAAAGTAGGGGATCG
CTAGCYTTGTAGTTTCAAACG
CGCCGGGGGCGCGCCCCGGGCGGGGCGGGGGCACGGGGGG

81
81
45

β-Proteobacteria ammonia oxidizers

CGATCCCCTGCTTTTCrCC
GCTGCCTCCCGTAGGAGT
GCAGCCACCCGTAGGTGT
GCTGCCACCCGTAGGTGT

32
83
84
34

Most bacteria
Planctoniycetales
Vemicomicrobiales

2.6 DGGE Analysis
DGGE based on the protocol of Muyzer et al. [47] was
performed using the Bio-Rad D gene system. PCR
fragments were loaded onto 8% (wt/vol) polyacrylamide
gels in 1xTAE (20 mM Tris, 10 mM acetate, 0.5 mM
EDTA [pH 7.4]). On each gel, a home-made marker of
different PCR fragments was loaded, which was required
for processing and comparing the different gels [46]. The

45
47

polyacrylamide gels were made with denaturing gradients
ranging from 50 to 65% [41]. The electrophoresis was run
for 17 h at 60°C and 38 V. Staining and analysis of the
gels were performed as described previously [41].
Normalization and analysis of DGGE gel patterns were
done with BioNumerics software version 2.0 (Applied
Maths, Kortrijk, Belgium). During this processing, the
different lanes are defined, background is subtracted,
differences in the intensity of the lanes are compensated
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during normalization, and bands and band classes are
detected. The band classes of the DGGE patterns were
exported to EstimateS [48], a program which allows
statistical analysis of species richness from samples by
calculating the Chao2 index [49] using the equation Chao2
= Sobs + (L2/2M), where Sobs is the observed number of
species in a sample, L is the number of species that occur
in only one sample (“unique species”), and M is the
number of species that occur in exactly two samples. This
is an incidence-based nonparametric estimator that uses
presence absence data and can be used with 16S rRNADGGE patterns to obtain a first estimate of the community
richness, making it a suitable index for PCR based
analysis [50,51]. The calculation of the matrix of
similarities is based on the Pearson product moment
correlation coefficient. The clustering algorithm of
unpaired pair group method using arithmetic averages
(UPGMA) was used to calculate dendrograms. Relevant
and nonrelevant clusters were separated by the statistical
cluster cutoff method (BioNumerics Manual 2.5).

2.7. Real-Time PCR
The real-time PCR was based on the principle of Heid
et al. [52]. For quantification of AOB by real-time PCR,
amplification was performed in 25-µl reaction mixtures by
using buffers supplied with the qPCRT core kit for SybrT
Green I in Micro Amp Optical 96-well reaction plates
with optical caps. Primers CTO189fAB, CTO189fC, and
CTO653r and primers P338F and P518r (Table 1) were
used for the quantification of AOB and the Bacteria,
respectively, at a concentration of 300 nM. The PCR
temperature program was as follows: 50°C for 2 min and
95°C for 5 min, followed by 40 cycles of 95°C for 15 s,
53°C (all Bacteria) or 57°C (AOB) for 30 s, and 60°C for
1 min. The template cDNA in the reaction mixtures was
amplified (n = 3) and monitored with an ABI Prism SDS
7000 instrument. Standard curves constructed after realtime PCR amplification of five different DNA
concentrations (n = 4) ranging from 5.0 x 105 to 5.0 x 103
copies of DNA/well were used. A 667-bp M13 PCR
fragment of a Nitrosomonas sp. sequence was generated
as a template for the standard curve. The r2 values were
greater than 0.99 for both standard curves, and slopes of
_
3.87 and _3.68 were generated for AOB and all Bacteria,
respectively. The relative number of rRNA molecules of
the AOB was determined by dividing the number of AOB
rRNA copies by the total number of bacterial rRNA
molecules.

2.8. Fish
Sludge samples were fixed with fresh 4%
paraformaldehyde solution, washed with phosphatebuffered saline, and stored in phosphate-buffered saline–
ethanol (1:1) at -20°C until further processing [43]. FISH
assays were performed with fluorescently labeled, rRNAtargeted oligonucleotide probes by the method of
Biesterfeld et al. [53]. The following oligonucleotide
probes were used (Table 1): (i) NSO190, specific for the
AOB (labeled with sulfoindocyanine dye Cy3) and (ii) a
mix of EUB338, EUB338-II, and EUB338-III, specific for
the domain Bacteria (labeled with fluoresceine). Samples
were analyzed by standard epifluorescence microscopy on
an Axioskop II microscope (Carl Zeiss, Jena, Germany).
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Quantification of cells was based on the procedure
described by Daims et al. [54]. In brief, TIFF files were
exported by the image acquisition software and analyzed
with MicroImage 4.0. For each reactor from each day, five
random pictures were recorded. The area fraction of
stained AOB cells was calculated as a percentage of the
total area of bacteria, stained with the EUB338 probe mix.

2.9. DNA Sequencing
16S rDNA gene fragments were cut out of the DGGE
gel with a clean scalpel and added to 50 µl of PCR water.
After 12 h of incubation at 4°C, 1 µl of the PCR water was
reamplified with primer set P338F and P518r. Then 5 µl
of the PCR product was loaded onto a DGGE gel (see
above), and if the DGGE pattern showed only one band, it
was sent out for sequencing. DNA sequencing of the ca.
Analysis of DNA sequences and homology searches were
completed with standard DNA sequencing programs and
the BLAST server of the National Center for
Biotechnology Information (NCBI) using the BLAST
algorithm.

3. Results
3.1. Semi Continuous
Reactor Performance

Activated

Sludge

Three different pairs of reactors were examined. The
first pair of reactors was used as a control, with no
inoculation or shock load applied (reactors 1). The second
pair consisted of the 3-CA-treated reactors (disturbed
reactors); they received a shock load treatment of 3-CA on
day 0 (reactors 2). The third pair of reactors was the
bioaugmented reactors, which received the same 3-CA
pulse on day 0 but were also inoculated with
Pseudomonas stutzeri amp cells (reactors 3). The number
of Pseudomonas stutzeri amp cells decreased ca. 3 log
units after inoculation and stabilized after 6 days at 105
CFU ml_1 (Figure 1A). As a result of the inoculation in
reactors 3, the Pseudomonas stutzeri amp cells had
removed all detectable 3-CA 48 h after inoculation (Figure
1B). In reactors 2 without Pseudomonas stutzeri amp, 3CA persisted until day 6, and its removal was due solely
to washout (the hydraulic retention time of the system was
4 days) and not to (bio) degradation. The 3-CA shock
inhibited nitrification for an extended period despite its
disappearance by day 2 in the protected reactors and day 6
in the non bioaugmented reactors (Figure 1C and D). In
non bioaugmented reactors 2, nitrite and nitrate
concentration remained very low and ammonium
accumulated for the duration of the experiment. From day
4, nitrification in the bioaugmented reactors 3 recovered,
resulting in the accumulation of nitrate (Figure 1C) and
nitrite (Figure 1D). The nitrite was present in reactors 3
until day 6, but by day 8, all the nitrite was removed. The
restored nitrification activity resulted in the complete
removal of ammonium from day 6 (Figure 1D). In both
reactors that received the 3-CA pulse, the SVI increased,
indicating that the settlement of the activated sludge was
poor (Figure 1E). In contrast to nitrification, the SVI did
not recover in the bioaugmented reactors during the first
10 days; however, the sludge compactability improved on
day 12. Only the non bioaugmented shock-loaded reactors
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2 accumulated large amounts of COD (Figure 1F).
However, from day 4, COD removal increased again. The
bioprotection of reactors 3 was very effective, and no

differences in COD removal compared to control reactors
1 were observed.

Figure 1. Data obtained from the different types of reactors. Reactors 1 were not bioaugmented, and no 3-CA shock was applied (•); reactors 2 were not
bioaugmented but were exposed to a 3-CA shock load (♦); reactors 3 were bioaugmented and exposed to a 3-CA shock load (▲). (A) Survival of
(Pseudomonas stutzeri amp)cells in reactors 3; (B) concentration of 3-CA in reactors 2 and 3 in the effluent; (C) nitrate concentration in the effluent; (D)
ammonium (solid symbols, solid line) and nitrite (open symbols, dotted line) concentrations in the effluent; (E) settlement of the activated sludge,
expressed as SVI; (F) COD concentration in the effluent. Values represent the mean and standard error of results from two reactors (n = 2); in some
cases, the error bars were too small to illustrate

Figure 2. Analysis of the DGGE profiles of the different reactors on
days 0，2,and 8 using partial bacterial I6S rRNA gene fragments (bp
338 to 518), based on extracted DNA and RNA. Boxed areas indicate the
bands excised and sequenced for further analysis; the accession numbers
of the most similar sequences in GenBank are mentioned in the text.
Lanes: 1. reactors without inoculate and without 3-CA shock: 2,
nonbioaug- mcntcd reactors with 3-CA shock load; 3, bioaugmented
reactors with 3-CA shock load

3.2. DGGE Analysis of the Bacteria
To relate the observed changes in function to changes
in the community structure and diversity, 16S rDNA and

16S rRNA DGGE analyses were performed with bacterial
primers. Since days 0, 2, and 8 were considered to be
typical for the microbial community, with day 0
representing the community just before disruption, day 2
representing disruption, and day 8 representing recovery,
these samples were analyzed by DGGE in detail. Visual
comparison of the RNA DGGE patterns at day 8 allowed
us to select two bands that were clearly different among
the differently treated reactors. On day 8, in nondisturbed
reactors 1 and bioaugmented reactors 3, there was a
prominent band in the RNA DGGE gel (Figure 2, band 1),
with a sequence having low similarity to members of the
Cytophaga- Flavobacter group (146 of 168 bp with the
uncultured bacterial clone AF369713.1, and 98 of 104 bp
with Cytophaga sp. strain AJ224415.1 [55], a fragment
isolated from a nitrifying reactor system). This band was
not visible in the patterns of the 3-CA-treated reactors,
which could indicate that the corresponding organism was
very sensitive to the toxic shock. Another fragment, band
2, present only in reactors receiving 3-CA (reactors 2 and
3), is identical to the sequence of the gram-positive
actinomycete Nostocoida limicola AF255736.1 (177 of
177 bp; sequence isolated from a bulking filamentous
bacterium in a reactor treating industrial waste). The clear
presence of this band in the fingerprint might be an
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indication that this corresponding organism is more
resistant to the 3-CA shock load. The differences between
the DGGE patterns based on extracted RNA and DNA
were evaluated by cluster analysis and calculation of the
Chao2 richness estimator. The RNA-based DGGE
patterns for all bacteria contained fewer bands than the
DNA-based DGGE patterns (Figure 2). This observation
was confirmed by the Chao2 richness estimator, obtained
by numerical analysis of the DGGE patterns: the values
obtained for the DNA DGGE patterns were always higher
than for the RNA DGGE profiles (data not shown). This
indicates that not all the microorganisms present were
highly active. However, it is also possible that the RNA
DGGE analysis was confounded by one or a few strains
that produce large amounts of rRNA and thus the RNA
concentrations of several other active species may have
fallen below the presumed 1% detection limit, typical for
PCR-DGGE [47]. On day 0, several faint bands and just
one or two dominant ribotypes were present in both
DGGE patterns. The DGGE patterns for the DNA and the
RNA samples were very reproducible, since only small
differences between the patterns from day 0 and from the
duplicate reactors were noticeable. Cluster analysis
confirmed these observations (Figure 3). During the
experiment, certain bands became more dominant while
some faint bands became invisible. As a result, fewer
bands were detected from day 2 and the Chao 2 richness
decreased during the experiment in all reactors compared
with day 0 (data not shown). Cluster analysis of the DNA
DGGE patterns showed that the reactors on days 0 and 2
formed one large cluster while each reactor on day 8
produced a distinctive group. Cluster analysis of the RNA
DGGE revealed three clusters. The samples from day 0
and the control reactors 1 from day 2 formed one cluster.
From day 2, the observed changes in the microbial
community structure of reactors 2 were different from
those of the other reactors. A third cluster consisted of
reactors 3 from days 2 and 8 and of reactors 1 from day 8.

Figure 3. Cluster analysis of the bacterial DGGE patterns based on DNA
and RNA samples from the different reactors 1. 2. and 3 (Figure 2). The
dendrogram was calculated on the basis of the Pearson product-moment
correlation coefficient with the UPGMA clustering algorithm. Significant
(solid lines) and nonsignificant (dotted lines) clusters were separated by
the statistical cluster cutoff method)d. d, days

3.3. DGGE Analysis of AOB
Since the 3-CA shock and the bioprotection had a major
influence on the nitrification activity in reactors 2 and 3, a
more detailed analysis of the AOB was performed. On day
0 (good nitrification activity before the shock), DGGE
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patterns obtained with primers for AOB were very similar,
even between the RNA and DNA samples (Figure 4). A
visual comparison of the RNA DGGE patterns showed
that two bands seemed to play a critical role in the
nitrification (bands 3 and 4). These two intense bands
were excised from the RNA DGGE gel and sequenced
(Figure 4). The upper band, band 3, showed highest
similarity to an uncultured Nitrosomonas strain
AJ245752.1 (173 of 173 bp; sequence obtained from a
selective enrichment of AOB from a sediment) and to an
uncultured member of the β-Proteobacteria, AJ299051.1
(177 of 177 bp [56]; sequence of an AOB enriched from a
freshwater sediment), while the lower band, band 4,
matched with a Ni-trosococcus/Nitrosomonas strain (174
of 177 bp were identical to the corresponding sequence of
Nitrosococcus mobilis AF287297.1 [57], AJ298728.1 [58],
and M96403.1 [59] and Nitrosomonas sp. strain
AF272415.1 [57]). In the lower part of the DGGE gels, a
few other bands were present as well, but no effect of the
treatments on the corresponding populations were
observed. Although nitrification was inhibited in reactors
2 as well as reactors 3, 2 days after the shock load, the
RNA DGGE patterns of the AOB community structure
differed between these two reactors. On day 2 in reactor 2,
band 3 was hardly visible in the RNA DGGE patterns, and
after 8 days, both bands 3 and 4 had almost disappeared.
In the bioaugmented reactors 3, however, both bands 3
and 4 were still clearly detectable on day 2. Interestingly,
a third potential AOB, represented by band 5, identified as
an uncultured member of the β-Proteobacteria, became
more dominant. The DNA sequence of this fragment was
identical (171 of 172 bp) to a sequence submitted to
GenBank (AJ245760.1, obtained by selective enrichment
of ammonia-oxidizing bacteria in freshwater sediments).
This DNA fragment was obtained by this group by using
the same specific primers for AOB that were used in our
study. The first known sequence of an AOB similar to
band 5 is N. mobilis (155 of 176 bp identical, or 88%
similarity; accession number AF287297.1 [57]). By day 8,
when nitrification was restored in the bioaugmented
reactors 3, the RNA DGGE profiles were similar to their
original pattern and the additional band 5 had disappeared.

Figure 4. Analysis of the DGGE profiles of the different reactors on
days 0, 2，and 8，using partial bacterial 16S rRNA gene fragments,
based on DNA and RNA. The gene fragments were obtained by using an
AOB-specific PCR with primers CTOl89AB. CT0189C. and CT0653r
(Table 1), followed by a second PCR with bacterial primers P338F and
P5l8r (Table 1). Bands 3，4. and 5 were excised and sequenc'd for further
analysis. Lanes: 1, reactors without inoculate and without 3.CA shock; 2.
nonbioaugmented reactors with 3. CA shock load; 3. bioaugmented
reactors with 3-CA shock load. The accession numbers of the most
similar sequencecs in GenBank are mentioned in the text
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3.4. Quantification of the AOB by FISH and
Real-time PCR
The DGGE analysis showed that shifts occurred in the
AOB community. Since it is not possible to obtain
quantitative data from the DGGE patterns, real-time PCR
and FISH were used to examine the prevalence of the
AOB in the activated sludge. On days 0, 2, and 8, the
number of rRNA molecules present in the reactors was
estimated by amplifying the 16S rRNA cDNA of the
Bacteria and the AOB from the different reactors and
measuring the increasing amounts of amplification
products. The relative number of AOB was estimated by
dividing the number of AOB rRNA copies by the total
number of bacterial rRNA copies (Figure 5). The data
showed that the relative number of rRNA copies of the
AOB decreased after 2 days, both in the bioaugmented
and in the non bioaugmented reactors. At 8 days after the
shock load, the number of rRNA copies of the AOB
decreased further in the non bioaugmented reactors, while
in the bioprotected reactors the number had increased
again. To confirm the trend observed in the real-time PCR
data, FISH analysis was also applied. From the different
reactors on days 0 and 8, the area of all the bacteria and of
the AOB was measured and the ratio of AOB and bacteria
was calculated. On day 0, clusters of AOB could be
observed in the activated sludge flocs and an area-based
calculation estimated that 2.23% ± 0.76% of the area
consisted of AOB. By day 8, AOB clusters were detected
only in the reactors where nitrification was observed, i.e.,
reactors 1 (1.73% ± 0.76%) and 3 (1.60% ± 0.05%),
whereas in reactor 2, almost no AOB flocs were observed
(0.47% ± 0.59%). The results of the real-time PCR and the
FISH quantification indicate that the number of 16S rRNA
molecules of the AOB decreased drastically in reactor 2
from day 0 to day 8, while the populations seemed largely
protected by bioaugmentation with the 3-CA degrading
strain. This confirms the interpretation formulated above
based on the RNA DGGE patterns, i.e., that the nitrifying
community had recovered from the 3-CA pulse in the
bioaugmented reactors only.

Figure 5. Relative abundance of cDNA of AOB in activated-sludge
reactors, as determined by real-time PCR. Values represent the mean and
standard error (n = 3)

3.5 Microscopic Analysis of Cell and Floc
Morphologies
To explain the altered settlement characteristics of
reactors 2 and 3, the floc structures in the different
reactors were examined by light microscopy (data not
shown). On day 0, a limited number of filaments were

present. In the control reactors 1, the sludge floc structure
did not change after 8 days and the number of filaments
did not increase. However, in the shock-loaded reactors 2
and 3, where an increased SVI was observed, the number
of filaments was larger on day 8 than on day 0.

4. Discussion
We investigated the effects of 3-CA shock load on the
basic functions of a wastewater treatment reactor and
focused on the recovery of major functional activities.
Moreover, bioaugmentation by the inoculation of a 3-CAdegrading strain was used to investigate whether rapid 3CA removal could decrease the recovery period. The most
drastic effect of the 3-CA shock load observed was on the
nitrification activity. Initially, nitrification was totally
inhibited in reactors 2 and 3 where a 3-CA shock load was
applied. The non substituted form of 3-CA, aniline, is
known to inhibit nitrification [60,61], and, like most
inhibitors, aniline inhibits nitrification activity by acting
as a suicide substrate for ammonium monooxygenase [62].
As a consequence, reestablishment of the nitrification
activity in the activated sludge after the removal of the
inhibitor through degradation or washout requires de novo
synthesis of the enzymes. After 2 days in the
bioaugmented reactors 3, 3-CA was degraded completely,
allowing the slow recovery of nitrification activity, which
was visible from day 4 (Figure 1). The observed temporal
accumulation of nitrite is normal during the startup period
of nitrification [63,64]. In the RNA DGGE profiles of the
AOB community, an additional very intense band
appeared on day 2 in the bioaugmented reactors 3. In the
corresponding DNA DGGE patterns of day 2, the species
corresponding to this extra band was represented by a
weak band but did not appear to be the most numerically
dominant. These data, taken together, suggest that this
bacterial population represented by band 5 became a
relatively more abundant and highly active member of the
community. This population may have had a selective
advantage over the other two populations, represented by
bands 3 and 4. Work by Suwa et al. [65] showed that
various Nitrosomonas strains isolated from activated
sludge could be either sensitive or insensitive to
ammonium. The short-term inhibition of nitrification by
3-CA led to an accumulation of ammonium, which may
have inhibited the organisms represented by bands 3 and 4.
Band 5, which may represent an AOB that is insensitive to
higher ammonium concentrations, would then be able to
become more dominant and more active. Thus, as the
rRNA content of the two initial dominating AOB (bands 3
and 4) decreased relative to band 5, the new band became
visible as a large fraction of the total RNA (band 5). From
day 4, the ammonium concentration decreased again, such
that the nitrification activity by the original AOB (bands 3
and 4) was restored while the other population (band 5)
appeared to be outcompeted again. In the non
bioaugmented reactor 2, band 5 was never visible since
the corresponding organism was probably also inhibited
by the high 3-CA concentration. In these reactors 2, the 3CA was present for 4 days, in contrast to less than 2 days
in the bioaugmented reactors 3 (Figure 1B), and thus the
entire nitrifying community was apparently inhibited
during this time. Although 3-CA levels were undetectable
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by day 6, no nitrification recovery was observed in
reactors 2. A contact time of 4 days with 3-CA seemed to
be critical for the AOB. This was corroborated by the
disappearance of the two dominant bacteria of the AOB
community on day 8, as indicated in the RNA DGGE
patterns for reactors 2. The results of real-time PCR and
FISH analysis confirmed the negative effect of the 3-CA
exposure on the community of AOB, since hardly any
AOB cells or clusters could be detected in reactors 2 on
day 8. Nitrification would possibly recover in the non
bioaugmented reactors if the experiment were prolonged,
allowing the AOB to proliferate again. The higher SVI in
reactors 2 and 3 was clearly a result of the 3-CA shock
load. Microscopy revealed a larger number of filaments in
both reactors, and sequencing of a dominant band in the
RNA DGGE profiles of reactors 2 and 3 revealed the
presence of an actinomycete (AF255736.1), i.e.,
Nostocoida limicola. This species has been related to the
decline of sludge settling properties in a large number of
studies [66,67], and an increased number of filaments has
been shown to correspond to higher SVI values [66,68,69].
It is well known that actinomycetes exhibit the capacity to
metabolize recalcitrant molecules (42). The actinomycetelike filaments in the shock-loaded reactors 2 and 3 may be
the result of improved resistance to 3-CA. After the 3-CA
shock, a higher COD concentration in the effluent of the
non bioaugmented reactors 2 was observed. The
heterogeneous nature of wastewaters allows the
development of diverse heterotrophic bacterial
populations. From day 4, the COD removal was
essentially restored; the higher COD concentrations in
these reactors on day 4 were presumably due to the
residual 3-CA concentration (ca. 150 of the extra 200
mg/liter), which was gradually washed out. The effect of
inoculation of Pseudomonas stuzeri amp into the shockloaded reactors was striking: COD removal capacity was
not lowered, resulting in a full protection of the activated
sludge and COD levels comparable to the non-shocked
control reactors 1. There are different factors that can
explain the increased COD concentrations in the effluent
of the non bioaugmented reactors 2: (i) the indigenous
bacteria, responsible for the COD removal, could be
temporarily inhibited by the long 3-CA shock; (ii) the
protozoa, important predators of bacteria, could be
inhibited, resulting in an increased number of dispersed
bacteria in the effluent; or (iii) the toxicity of the 3-CA
could have resulted in the lysis of a part of the biomass.
Some combination of all these factors is also a possible
explanation for the increased COD on day 2 in reactors 2.
Methods based on direct PCR amplification and analysis
of rRNA genes by DGGE or temperature gradient gel
electrophoresis (TGGE) are frequently used to examine
the microbial community structure and microbial diversity
of environmental samples [71,72,73,74]. However, PCRbased techniques can be biased [51]. The number and
intensity of bands in a DGGE pattern do not necessarily
give an accurate picture of the microbial community.
Because of the shortcomings inherent to DGGE based on
PCR-amplified rRNA gene sequences, the estimators
calculated from the DGGE banding patterns must be
interpreted as only an indication and not an absolute
measure of the degree of diversity in a bacterial
community [72]. Also, one organism may produce more
than one DGGE band because of multiple, heterogeneous
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rRNA operons [75,76,77] and one DGGE band may
represent several species with identical partial 16S rDNA
sequences [78]. In a mixture of target rRNA genes present
at very different concentrations, the less abundant
sequences are not amplified sufficiently to be visualized as
bands on a DGGE gel, and therefore, the banding pattern
reflects only the most abundant rRNA types in the
microbial community [47]. This is why the inoculated
strain could hardly be seen in the DGGE patterns on day 2
in the bioaugmented reactors 3. On day 8, the inoculated
strain was not detectable any more, most probably because
its proportion of the total bacterial cell numbers had
become too small. In our previous work, the same
inoculum was also not visible in the DGGE patterns of
bioaugmented activated sludge [41]. Another bias is the
shortcoming of primers and probes concerning their
specificity. The work of Purkhold et al. [57] clearly
demonstrated that at the moment, there is no perfect
primer or probe set to study AOB. The CTO primer set
used in this study also matches with some non-AOB
strains [57], and therefore it cannot be excluded that some
of the bands in the DGGE patterns may be not related to
AOB. In this study, we used DGGE analysis based on
extracted DNA as well as RNA to evaluate changes in the
sludge microbial communities. It appears from the
bacterial DGGE patterns that the number of numerically
dominant populations present was larger than the number
of abundant and highly active populations: on day 0, the
bacterial richness based on the RNA DGGE patterns was
markedly lower than for the DNA DGGE patterns. This
suggests a lower bacterial richness among the active
numerically dominant populations than among the total
(dead, dormant, and active) dominant populations. Some
very active populations, visible in the RNA DGGE
patterns, can hardly be detected in the DNA DGGE
fingerprints. This shows that DNA-based analyses do not
al-ways reflect the most active members of the microbial
community. DNA obtained from environmental samples
could originate from dormant or dead cells [79] or even
from free DNA. This is also reflected in the analysis of the
AOB: based on the DNA DGGE, only some small
differences in the minor bands were visible on days 0 and
2, while the RNA DGGE clearly showed differences in the
dominant bands, as discussed above. This difference may
reflect differences in the activity of the nitrifying species
between these two time points. A similar phenomenon
was observed for RNA TGGE fingerprints of grassland
soil bacterial communities, which were less diverse than
the DNA TGGE fingerprints [80]. Numerical analysis of
our DGGE results also indicated that the significant
clusters of the RNA DGGE patterns reflect better the
metabolic state of the different reactors than the DNA
DGGE patterns do. The DNA DGGE cluster analysis
showed one large cluster of days 0 and 2, while after 8
days every set of duplicate reactor formed a separate
cluster. In contrast, the RNA DGGE analysis resulted in
three distinct clusters: (i) all reactors before day 0 and
control reactors 1 on day 2, (ii) the shock-loaded and
disturbed reactors 2 on days 2 and 8 and (iii) the control
reactors 1 on day 8 and the bioaugmented-recovered
reactors 3 on days 2 and 8. Therefore, RNA DGGE
analysis is appropriate to examine rapidly changing
microbial communities while DNA DGGE analysis
appears sufficient for slowly evolving, stable communities.
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This study has demonstrated that a 3-CA shock load
disrupted the basic metabolic functions of activated sludge.
Inoculation with a bacterial strain capable of 3-CA
mineralization protected the performance of the reactors
and allowed a rapid recovery of nitrification. Some of
these functional changes were explained by changes in the
structure of the overall bacterial community, specifically
of the AOB community. Although evaluation of the
eventual success of this bioaugmentation strategy at field
scale requires further experiments, in particular under
conditions of post-shock inoculations, our work clearly
indicates that inoculation of wastewater treatment systems
subject to toxic shock loads, with a specific degrader of
the toxic compound, can result in faster recovery of
essential metabolic functions.
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